Reservoirs and lakes were compared to test the hypothesis that they are similar with respect to factors driving the variation in CO 2 emissions to the atmosphere. Understanding this variation is necessary for the assessment of the contribution of these freshwater ecosystems to the global carbon cycle. This study, in contrast to previous ones, included analyses of the relationships between CO 2 emissions and microbial communities. Pooled data (lakes and reservoirs) showed that variations in CO 2 emissions were strongly related to variations in temperature, dissolved organic matter (DOM) quality, and bacterial production (BP). Results also showed that lakes were characterized by higher water temperature, lower DOM quality, larger size of Daphnia, and enriched d 13 C zooplankton compared to reservoirs. Moreover, interactions within plankton communities and relationships between CO 2 emissions and zooplankton d 13 C signatures differed in lakes vs. reservoirs, indicating amongsystem type differences in food web structure and carbon cycling. As a result of these ecosystem-type characteristics, CO 2 emission variation was mainly explained by temperature and BP in lakes, and by DOM quality and the ratio of phytoplankton biomass to microheterotroph biomass in reservoirs. These results showed that differences in temperature and DOM quality between lakes and reservoirs translate into differences in microbial interactions and ultimately in the importance of factors driving CO 2 emissions to the atmosphere. They indicated that considering microbial communities and environmental variables such as temperature and DOM quality can help improve our understanding of the variation in CO 2 emissions from freshwater ecosystems.
Introduction
Reservoirs provide a wide range of ecosystem services (e.g. flow regulation, water storage, and electricity production); consequently, their number has considerably increased worldwide during the past three decades. This trend is expected to persist owing to the growing water and energy demand (see e.g. Milliman, 1997) . Understanding the functioning of reservoirs is thus of considerable interest, for both theoretical knowledge and management (e.g. role in the global carbon cycle, Tranvik et al., 2009) . Reservoirs often exhibit a more pronounced horizontal heterogeneity in physicochemical characteristics, and shorter water residence times (WRT), compared to natural lakes (Moss, 2008) . Hence, these man-made ecosystems often do not express classic limnological features of temperate lakes, such as persistent thermal stratification and epilimnetic nutrient depletion associated with physical structuring of the water column (Wetzel, 1990) . Moreover, because their drainage ratio is generally larger than that of natural lakes, reservoirs may receive higher inputs of allochthonous material (Moss, 2008) . Soballe & Kimmel (1987) stated that 'the fundamental physical and biotic processes of rivers, river impoundments (reservoirs), and lakes are the same, but in magnitude and relative importance, these processes may differ among system types as a result of dissimilarities in horizontal water movements'. Recently, increasing interest on reservoir functioning has stemmed from evidence that these man-made ecosystems are also source of greenhouse gases (e.g. CO 2 ) (review in St-Louis et al., 2000) . Hence, several studies have compared the amount of CO 2 emitted by these ecosystems to those from natural lakes (see e.g. Tremblay et al., 2004; and references therein, Demarty et al., 2011) to evaluate their warming potential, among other objectives. However, comparative analyses, in particular cross-ecosystem comparisons, of lakes and reservoirs with respect to factors driving variation in CO 2 emissions are exceedingly scarce. Hence, it is unclear whether the relative importance of these factors differs between these two types of ecosystems. The few studies that have compared lakes and reservoirs with respect to these factors have not considered biological compartments per se, focusing in general on dissolved organic carbon (DOC) concentration (e.g. Å berg et al., 2004; Bergström et al., 2004) , as DOC is a substrate for respiration. Yet, the quality of dissolved organic matter (DOM) is known to be more influential on microbial metabolism than its concentration (Pomeroy & Wiebe, 2001 ) and is thought to be different in lakes vs. reservoirs (St-Louis et al., 2000) . Moreover, metabolism per se and food web structure may regulate CO 2 exchanges at the water-air interface in lakes (Schindler et al., 1997; Del Giorgio et al., 1999) . On the other hand, studies on CO 2 emissions from freshwaters have reported considerable variability (see e.g. Sobek et al., 2005; Finlay et al., 2009) . The reasons for this variability are still poorly known (Finlay et al., 2009 ), although they are necessary for assessing the role of these ecosystems in the global carbon cycle.
This study aimed to investigate variation in CO 2 emissions at the water-air interface and to compare reservoirs and nearby lakes in terms of the relative importance of factors driving this variation at short-term scale. Although phytoplankton and microheterotrophs (here bacteria, heterotrophic flagellates, and ciliates) are known as major fixers of CO 2 in lakes, and major contributors to plankton respiration, respectively (Del Giorgio & Peters, 1993; Biddanda et al., 2001) , they have seldom been taken into account simultaneously when analyzing variation in CO 2 emissions. This study, in contrast to previous ones, included analyses of relationships of CO 2 emission with these microbial communities, in particular with bacterial activities and the microbial biomass structure, the latter being expressed as the ratio of phytoplankton biomass (PhB) to microheterotroph biomass (MhB). One of the studied reservoirs was only 1 year old. Newly flooded reservoirs are thought to differ from older reservoirs in terms of DOM quality, the magnitude of CO 2 emissions, and the relative importance of microheterotrophs. For this reason, we secondarily performed a between-reservoir comparison, to check the influence of this very young reservoir on results of the comparison of lakes and reservoirs and to help understand the mechanism driving CO 2 emissions. The following two hypotheses were tested in this study: (1) the relative importance of factors explaining CO 2 emissions in reservoirs is similar to that in natural lakes and (2) CO 2 emissions are negatively related to the ratio of PhB to MhB. Hypothesis 1 was based on the fact that the WRT of our reservoirs were higher than 90 days (see Methods) and on previous studies suggesting that at values > 60-100 days WRT do not cause significant difference between ecosystems in algal abundance (Pridmore & McBride, 1984; Soballe & Kimmel, 1987) . These values (60-100) were used although our study did not focus on algae (they may affect CO 2 emission, however), because of the scarcity of data on such thresholds. Hypothesis 2 was based on the above-mentioned major contribution of microheterotrophs to plankton respiration and on results from two previous cross-lake studies. The latter have shown that CO 2 fluxes are inversely related to phytoplankton production (Schindler et al., 1997) and that the ratio of phytoplankton production to plankton respiration increases with the ratio of PhB to heterotrophic biomass (Del Giorgio et al., 1999) . Factors explaining changes in BP, bacterial specific production (BSP), and the abundance of heterotrophic nanoflagellates (HNF, known as the main grazers of bacterioplankton) were also examined to better understand the influence of microbial interactions on CO 2 emission in lakes vs. reservoirs. In addition, measurements of carbon stable isotope signatures of zooplankton and their relation to CO 2 emission were used to evaluate carbon cycling within these ecosystems.
Material and methods

Study sites
Data were collected in four hydroelectric reservoirs and nearby lakes (Table 1 ) located in the boreal region of Quebec (Canada). Two of the reservoirs (Laforge 1 = LA1 and Robert Bourrassa = LG2) and their nearby lakes are situated in the James Bay region (52°-54°N, 68°-78°W). The two other reservoirs (Sainte-Marguerite 3 = SM3 and Manicouagan 5 = M5) and their nearby lakes are located in the 'Cô te Nord' region (50°-52°N, 66°-70°W). All reservoirs and lakes were typical of boreal aquatic ecosystems, with colored waters owing to high humic content. The vegetation in the watersheds was typical of the boreal forest (mostly composed of black spruce or jack pine, and to lesser extent of aspen and birch). The dominant soil is well-drained podzol and peat (~10%) (Lucotte et al., 1999) . The average WRT for reservoirs is > 0.24 years (i.e. > 90 days). WRT were not available for lakes (see Discussion). At the time of sampling, the age of reservoir ranged from 1 to 35 years (Table 1) .
Sampling and samples analyses
Sampling (emission measurement, biology, and nutrients) was carried out at the end of spring (June) and in summer (July-August) between 2001 and 2003. Samples were collected at least twice and, in many cases, at more than two stations in each of the studied ecosystems (Table 1) . Exceptions for this were Lake Du Chaunoy, Lake Km 12, and Lake Km 17 for which the data shown here are from only one (summer) sampling. At each station, water temperature and dissolved oxygen (O 2 ) profiles were determined using a multiparameter probe (YSI 6600). Note that none of the stations contained macrophytes or was sampled more than one time during the same season. For each reservoir and its nearby lakes, sampling was performed the same day or within two to 3 days. For lakes, at least one of the sampled stations was at the deepest part of the ecosystem. Samples were collected at each station with a vertical Van Dorn bottle, in the entire water column (for shallow stations, < 5 m) or in the epilimnion or in the euphotic zone (when the water column was not thermally stratified), and then pooled for subsequent analyses. Samples were kept in boxes isolated from external temperature (for BP) or in refrigerated coolers until analyses in a field laboratory.
Water for dissolved nutrients and DOC were filtered on 0.2-lm polycarbonate filters. Nutrients [total phosphorus (TP) and dissolved inorganic nitrogen] were analyzed by standard colorimetric methods using autoanalyzers. Owing to technical problems, analyses of total nitrogen and dissolved inorganic phosphorus were not performed. DOC concentrations were determined using a Shimadzu TOC-5000A analyzer. The ratio of the absorbance (A) of waters at 250 and 365 nm (A 250 /A 365 ) was used as an index of DOM quality (De Haan, 1972; Peuravuori & Pihlaja, 1997; Tadonléké, 2007) .
In 2001, CO 2 emissions were measured using a plexiglas floating chamber (FC) covered with Mylar paper. Gas was sampled in chambers with a syringe at regular Tables 4, 5 and 6). For SM3 and M5 regions, no bathymetry was available for lakes; the maximum depth of these ecosystems was estimated from topographic maps and multiparameter probes. Age, age of the reservoir at the time of the sampling; nd, no data; SD, standard deviation. *CO 2 emission was positively related to lake area [log (flux) = 0.19 log (area) + 2.65; R 2 = 0.27, P = 0.047] but not to the maximum depth of the lake (P = 0.26).
intervals (10 min) over a 1-h period and analyzed with gas chromatography (GC Tadonléké et al., 2005) . BV was converted to carbon biomass according to Norland (1993) . Bacterial carbon biomasses obtained from the biovolumes estimated using our equation were similar to those reported in ecosystems with PhB similar to ours (e.g. Bergström & Jansson, 2000) . HNF and ciliate biovolumes were estimated from cell dimensions measured under microscopes from glutaraldehyde-and lugol-preserved samples, respectively (see details in Tadonléké et al., 2005) . These biovolumes were converted into carbon biomass according to Borsheim & Bratbak (1987) and Putt & Stoecker (1989) for HNF (0.22 pgC lm 3 ) and ciliates (0.2 pgC lm 3 ), respectively. In this study, MhB was calculated as the sum of the biomasses of bacteria, HNFs, and ciliates.
Chlorophyll a (Chl) was collected on Whatman GF/C filters, extracted in hot ethanol, and measured spectrophotometrically, before and after acidification (Nush, 1980; Sartory & Grobbelaar, 1984) .
Particulate organic carbon (POC) was analyzed (only at 23 stations) using a CHN analyzer, from subsamples collected on preignited filters (Whatman GF/C). The relationships between Chl concentrations and POC were used to estimate phytoplankton carbon biomass. The obtained carbon/Chl (C/Chl) ratios were~31 for LA1 region (POC = 31.3 Chl + 182.5; R 2 = 0.71; P = 0.11; n = 5), 30 for SM3 region (POC = 30.2 Chl + 179.5; R 2 = 0.79; P = 0.007; n = 7), and~51 for M5 region (POC = 51.03 Chl + 87.3; R 2 = 0.79; P = 0.027; n = 11). For the LG2 lakes and reservoirs, where no POC data were available, C/Chl ratio of 51 was applied, as determined for M5 region and other reservoirs in the area (Marty & Planas, 2008) , assuming that this region had nutrient-limited phytoplankton and an average C/Chl ratio similar to that found at the M5 region. This was based on studies showing that bacteria were resource-limited at both M5 and LG2 regions (phosphorus [P] for example, Tadonléké et al., 2005; Tadonléké, 2007) and that bacterial P uptake kinetics are superior to those of phytoplankton (e.g. Currie & Kalff, 1984) .
Zooplankton was sampled over the water column (up to 30 m) using triplicate vertical tows of a 53-lm-mesh net. Zooplankton was narcotized with carbonated water and preserved in the field in a 4% formaldehyde solution. In the laboratory, the density of zooplankton main taxa was determined under a binocular microscope and summed to main functional groups (cladocerans, calanoid, and cyclopoid copepods and rotifers). The length of individuals was converted into biomass using lengthweight regressions (Malley et al., 1989) .
For carbon stable isotope signatures of zooplankton, organisms were collected by vertical tows of a 400-lmmesh net, left in filtered water for 2 h to allow for gut evacuation, and then sorted under a binocular to main genera (e.g. Daphnia) or functional groups (e.g. calanoids, cyclopoids). Samples were kept in liquid nitrogen prior to freeze drying. Carbon stable isotope analyses were performed at the Université du Québec à Montréal (GEOTOP-UQAM) on a GV IsoPrime Mass Spectrometer, coupled to a Carlo Erba Elemental Analyzer (NA1500). Results are expressed in parts per thousand (&) in standard d notation as d = [(R sample /R reference ) À 1] 9 1000, where R = 13 C/ 12 C (Verardo et al., 1990) . A secondary standard (cellulose) of known relation to the international Pee Dee Belemnite (Craig, 1957) standards was used as the analytical reference material. Precision on stable isotope measurements was calculated as the standard deviation of signatures obtained from repeated analysis of a given sample and on average was 0.08&.
The potential controlling factors considered for the dependent variables under study are listed in Table 2 . The depth of the sampled station was included as independent variable because the station depth can affect CO 2 emissions (Sobek et al., 2003; Å berg et al., 2004) and microbial interactions (Tadonléké et al., 2004) . Zooplankton data (e.g. biomass) that could be used together with data on microorganisms (from the same sampling station) were limited in number. Nevertheless, to verify whether there were differences in food web structure between lakes and reservoirs that could affect CO 2 emissions, we predicted crustacean zooplankton biomass from PhB in these ecosystems using an empirical model (McCauley & Kalff, 1981) and then tested the residual (measured minus predicted) with data on food sources other than phytoplankton. We used the same factors as these authors to convert Chl to phytoplankton biovolume (0.01) and zooplankton dry weight to fresh weight (0.12).
Statistical analyses
A Kruskal-Wallis (K-W) test was used to compare mean values obtained from the different ecosystems. For multiple comparisons, when the K-W test was significant, sources of differences were detected using the post hoc Tukey-Kramer test. Data from all stations were averaged for each ecosystem prior to comparison of means from lakes and reservoirs, to avoid pseudo-replication. Relationships between variables were examined by simple or multiple regressions. Data obtained from individual stations were used for regression analyses to examine among-station variation in CO 2 emission (whole data set or lakes vs. reservoirs). Independent variables entering regression models were selected using a backward elimination procedure, allowing for the removal of redundant variables. Data were log 10 -transformed (except for those that followed normal distribution and percentages) to stabilize the variance and attain homoscedasticity. The Durbin-Watson test and tolerance were used to check for autocorrelation and colinearity, respectively. Partial T values indicate the size of statistical effect of the independent variable on the dependent variable when all other independent variables are considered. Squared semi-partial correlation coefficients were also calculated in the multiple regression analyses, to describe the proportion of unique variance accounted for by each independent variable to total variance for the dependent variable. Regression equations were compared using analysis of covariance (ANCOVA). Statistical analyses were performed using JMP IN 6.0 and STATISTICA.
Results
Between-reservoir comparison
Compared to the three other reservoirs, the 1-year-old reservoir SM3 had significantly higher mean values for CO 2 emissions, the ratio A 250 /A 365 (DOM quality index), and HNF abundance, and lower means for O 2 concentration and the ratio of PhB to MhB (PhB/MhB) (Fig. 1a-e) . Based on these results, analyses that were subsequently performed in this study without data from SM3 (to test its influence on results of the comparison of lakes and reservoirs) concerned only these five variables.
When emission data from our reservoirs were fitted to the model of St-Louis et al. (2000) , the slope and the intercept of the initial model did not change significantly (ANCOVA, F < 0.22, P > 0.54) (Fig. 1f) . However, there was no systematic effect of the age or of the WRT of the reservoir on these variables or the other analyzed in the present study (Fig. 1a,b,d ,e).
Lakes vs. reservoirs comparison
Reservoirs had higher mean values for CO 2 emission and the BP/temperature ratio (Table 3) . By contrast, lakes had significantly higher means for water temperature, Daphnia size, and zooplankton d 13 C signature. Note that although significant differences in isotopic signatures could be found between zooplankton taxa, partition of variance revealed that taxonomy explained only 10% of variation in d 13 C in these ecosystems (Marty & Planas, 2005) , therefore allowing the use of a single mean value for zooplankton d 13 C. For the other variables studied, no significant difference was found between lakes and reservoirs (Table 3) . Removal of data from the newly flooded reservoir SM3 changed the results of the comparison only for CO 2 emission; the mean value for lakes became similar to that of reservoirs (Table 3) . 
A 250/ A 365 is the index of DOM quality; HNA and%HNA are the abundance and the proportion of bacteria with high nucleic acid content, respectively; PhB/MhB is the ratio of PhB to MhB.
Factors controlling CO 2 emissions for the whole data set
Regression analyses performed with the whole data set showed that CO 2 emissions were correlated negatively with temperature and positively with A 250 /A 365 and BP ( 
Factors controlling CO 2 emissions, bacteria, and HNF in lakes vs. reservoirs
Multiple regression results showed strong differences between lakes and reservoirs in the control of CO 2 emissions. In lakes, CO 2 emissions were correlated, negatively to temperature and positively to BP, whereas in reservoirs, they were correlated negatively with PhB/MhB and positively with A 250 /A 365 ( Fig. 2a,b ; Table 5 ). Simple regression analyses confirmed that CO 2 emission was significantly correlated with PhB/MhB and with A 250 /A 365 in reservoirs, but not in lakes ( Fig. 2a,b; for A 250 /A 365 , R 2 = 0.40; P < 0.0001 for reservoirs and R 2 = 0.024; P = 0.43 for lakes). Temperature did not occur in the multiple regression model explaining CO 2 emission in reservoirs although these two variables were inversely related in a simple regression (R 2 = 0.17; P = 0.007); this indicated that it was outweighed by PhB/MhB and A 250 / A 365 , which better explain emission. Comparison of our CO 2 emission-A 250 /A 365 data (from reservoirs, where the relationship was significant) with the pCO 2 -A 250/ A 365 data from Swedish lakes (Sobek et al., 2003) showed that CO 2 emission and pCO 2 tended to be higher at A 250 /A 365 values close to 4 (Fig. 2b) . For (A), all ecosystems were included in the analyses. For (B), the youngest reservoir SM3 was not included in the analyses, and the latter concerned only variables for which this reservoir had mean values significantly different from those of the other reservoirs (see text and Fig. 1) . A 250 / A 365 and DOC as in Table 2 . P is the probability for the Wilcoxon test. For (A), n = 12 (12 lakes) and 4 (four reservoirs), except for TP for which n = 6 (lakes) and 2 (reservoirs, here LA1 and LG2). For (B) n = 12 (lakes) and 3 (reservoirs). *In the epilimnion or in the euphotic zone. Partial T values indicate the size of the statistical effect of the independent variable when all other independent variables are considered. P T indicate the probability that a partial T value of equal or greater magnitude would be obtained by chance alone; P is the probability for the multiple regression. n = 64 except for flux (n = 60); r 2 adj is r 2 adjusted.
As mentioned earlier, factors explaining changes in BP, BSP (ratio of BP to total bacterial abundance), and HNF abundance were also examined to better understand the influence of microbial communities on variation of emissions in lakes vs. reservoirs. Two major differences were found between lakes and reservoirs in regressions dealing with these variables. First, in reservoirs, BP was positively related to HNF abundance, and the latter was negatively related to ciliates (which had an effect stronger than that of temperature), whereas in lakes, such links were not found (Table 5) . Second, the most important explanatory variable for BSP in lakes was % HNA (bacteria with high nucleic acid content), whereas in reservoirs it was HNF (i.e. grazers of bacteria) ( Table 5 ). Removal of data from reservoir SM3 did not change or had only a minor effect on the factors that explained the variation in the independent variables of interest, i.e. CO 2 emission and HNF abundance (see Fig. 1 , Tables 5 and 6 ).
Lakes and reservoirs also exhibited strong differences in the relationships between BP and O 2 concentration and between DOC concentration and A 250 /A 365 . Overall, O 2 concentration significantly decreased as BP increased across stations (R 2 = 0.29; P < 0.0001), but when the data were split (lakes vs. reservoirs), the relationship between these two variables was significant only for reservoirs (Fig. 2c) . Likewise, the ratio A 250 /A 365 significantly increased across stations with DOC concentration in reservoirs but not in lakes (Fig. 2d) . The BP-O 2 and the DOC-A 250 /A 365 relationships found for reservoirs remained significant after removal of data from SM3 (R 2 = 0.24, P = 0.01, and R 2 = 0.14, P = 0.031, respectively). All these results from tests with and without SM3 data indicated that the importance of this 1-year-old reservoir in driving differences between lakes and reservoirs Tables 2 and 3 . Partial T values indicate the size of statistical effect of the independent variable when all other independent variables are considered. P T indicate the probability that a partial T values of equal or greater magnitude would be obtained by chance alone; nd is not determined; P is the probability for the multiple regression. n = 25 for lakes (except for fluxes for which n = 24) and = 40 for reservoirs (except for fluxes for which n = 37); r 2 adj is r 2 adjusted. in the factors explaining variation in CO 2 emission was minor. Differences were also found between reservoirs and lakes in the variability of zooplankton d 13 C signature (Fig. 3a) and in its coupling with CO 2 emission. These two variables were negatively related in reservoirs, whereas in lakes, they were not correlated (Fig. 3b) .
To check for potential differences in food web structure between lakes and reservoirs that could affect CO 2 emissions, our data were fitted to the model of McCauley & Kalff (1981) which has been developed using lake and reservoir data, to predict crustacean zooplankton biomass from PhB. Most of the observed values deviated from the predicted values (Fig. 4a) , indicating that in both lakes and reservoirs, factors other than phytoplankton strongly affected the dynamics of crustacean zooplankton. Interestingly, contrasting results were found again between lakes and reservoirs, when the differences between the measured and the predicted crustacean biomass (here called residual) were analyzed in relation to zooplankton potential food sources other than algae (e.g. bacteria, HNF, and ciliates). Most of the variance of this residual was explained by ciliate biomass (84%, positive relationship) in lakes and rather by rotifer biomass in reservoirs (81-98%, positive relationship) (Fig. 4b,c) . Note that slopes of relationships between residual and rotifers were not significantly different between regions (ANCOVA, F = 0.106, P = 0.76).
Discussion
This study is to our knowledge the first providing direct cross-ecosystem comparison of lakes and reservoirs with respect to factors driving variation in CO 2 emissions. We have highlighted the importance of several microbial metrics explaining this variation, therefore supporting the strong influence of microbial communities on carbon exchanges at the water-air interface. Specifically, our results provide evidence that besides microbial metabolism, microbial biomass structure and factors other than DOC concentration, namely temperature and DOM quality, can help improve our understanding of amongstation variation in CO 2 emissions. More importantly, we have shown that the relative importance of factors explaining this variation is different in reservoirs vs. natural lakes in the boreal area surveyed.
Among-station variation in CO 2 emissions in the whole data set
This study supports the view that in humic lakes metabolic processes are important determinant of short-term variations in CO 2 emissions (Finlay et al., 2009 and references therein) . Indeed, our pooled data showed that CO 2 emission was positively related to BP, and the latter was negatively correlated with O 2 concentration (Table 4 , Fig. 2c ). Across-site increases in BP in aquatic systems are generally accompanied by significant increases in bacterial respiration (Del Giorgio & Cole, 1998) , a biological process known to consume O 2 and to be a major source of CO 2 . Our results agreed with those of Prairie et al. (2002) showing a negative relationships between O 2 departure from saturation and DOC concentration in southeastern Québec lakes.
Temperature and DOM quality, which are known to strongly influence bacterial metabolism (Pomeroy & Wiebe, 2001; Gudasz et al., 2010) , also helped explain variation in CO 2 emissions in this study. CO 2 emission was inversely related to temperature. In this study, 81% of the ecosystems were sampled at least twice and at different seasons, which contrasts with most previous studies, for which lakes have generally been sampled only once and at a single station (see Sobek et al., 2005) . It is unlikely that this relationship reflects negative effects of temperature on plankton metabolism, as our temperature values were not high (4.5-19.7°C) and changed over time mainly because of the seasonality. Negative coupling between temperature and CO 2 emissions have been reported by other study and considered to reflect the effect of seasons (Kelly et al., 2001) , as the drawdown of CO 2 by phytoplankton is generally higher in summer than in spring. This might have been the case in our study, as PhB was significantly higher in summer than in spring, whereas the reverse was found for CO 2 emissions (see Results). This negative relationship with temperature could, however, also reflect the fact that CO 2 that generally accumulates under lake ice in winter degasses to the atmosphere after ice melt (Striegl et al., 2001) . DOC concentration has often been used to explain the variation in CO 2 emissions and has been found to correlate positively with pCO 2 even over narrow DOC gradients similar to ours (e.g. Hope et al., 1996; Jonsson et al., 2003; Å berg et al., 2004; Sobek et al., 2005 ; see however Finlay et al., 2009 for hard-water lakes). Previous studies have, however, seldom explicitly considered DOM quality (see Sobek et al., 2003) . In our study, CO 2 emission increased as DOM quality increased and was not related to DOC concentration (Tables 5 and 6 ). In a set of Québec lakes, more labile DOM (indicated by N/C ratios) was found to be associated with greater O 2 undersaturation (suggesting higher bacterial metabolism) than would be predicted from DOC concentration alone (Prairie et al., 2002) . Consistent with those of Prairie et al. (2002) , our results support the hypothesis that DOM quality is a better predictor of variation in the CO 2 emission than DOC concentration. DOM quality index (A 250 /A 365 ) values close to 3.5 and 4 might indicate suitable conditions for high CO 2 emissions in humic aquatic systems, as (1) our CO 2 emission and pCO 2 in the study of Sobek et al. (2003) tended to be higher around these values (Fig. 2b) and (2) positive relationships have been found between CO 2 emissions and pCO 2 in lakes (Striegl et al., 2001; Sobek et al., 2005) .
Factors explaining variation in CO 2 emissions in lakes vs. reservoirs Hypothesis 1 that the relative importance of factors driving variation in CO 2 emissions in lakes and reservoirs was similar was not supported. CO 2 emissions were mainly explained by temperature and BP in lakes and rather by DOM quality and PhB/MhB in reservoirs ( Table 5 ). It is unlikely that these differences were attributed to variation in geological and climatological characteristics or to the interactions that may result from the influence of human activities in the catchments. The studied lakes and reservoirs are actually oligotrophic pristine ecosystems (Chl concentrations were < 4.5 lg L
À1
, see also TP in Table 3 ) and are located, for each region, in the same catchment area (Table 1 ). Our analyses showed that hypothesis 1 was not supported because reservoirs and lakes differed in terms of water temperature, plankton community structure, and DOM quality.
Lakes were on average about 4°C warmer than reservoirs (Table 3) , consistent with observations from other studies (Wetzel, 1990) . Temperature is a key factor affecting biological processes. Higher temperature in lakes might have stimulated these processes, compared to reservoirs. For instance, more enriched d 13 C signatures for zooplankton (including Daphnia), as observed in our study (Table 3) , have been found as a physiological response to warmer conditions (Power et al., 2003; Marty et al., 2010) . Previous studies have found that warming of waters increased microbial respiration, primary production, and Daphnia growth (Dawidowicz & Loose, 1992; Fenchel, 2005; Tadonléké, 2010) , and enhanced Daphnia biomass (Straile, 2002) . Temperature effects on the metabolism of nonbacterial organisms (stimulation of respiration for example) and on O 2 saturation in waters (a well-known phenomenon) might thus help explain why O 2 was uncoupled from BP in our lakes (Fig. 2c) .
Our data also showed difference in the food web structure between lakes and reservoirs ( Fig. 4a-c ,  Table 5 ). Indeed, analyses based on the model of McCauley & Kalff (1981) showed that ciliates, which are known to be stimulated and grow very quickly under increasing temperature (Montagnes & Weisse, 2000) , were strongly and positively related to crustacean zooplankton in lakes but not in reservoirs (Fig. 4b) . This suggested that ciliates were more important as food source for crustacean zooplankton in lakes than in reservoirs. Consequently, ciliates were uncoupled from HNF in lakes, but not in reservoirs, where they negatively affected HNF abundance (Table 5) as it is commonly found in aquatic systems (e.g. Weisse et al., 1990; Tadonléké et al., 2005) . Moreover, HNF were uncoupled from their prey (bacteria) in lakes but not in reservoirs (Table 5) , supporting the contention that the grazing pressure on HNF (and in general) was weaker in reservoirs. Such a situation generally allows the occurrence of visible links between predators and their prey and was illustrated in reservoirs by the positive relationships between HNF and both BP and BSP (Table 5) . These interpretations are consistent with the knowledge that Daphnia graze on all components of microbial communities and with our finding that Daphnia size was larger in lakes than in reservoirs (Table 2 ). Allometric theory and experimental studies indeed indicate that large Daphnia exert stronger grazing pressures than small-sized Daphnia (Peters, 1983; Cyr & Curtis, 1999) . Hence, these conditions in lakes (higher temperature and large Daphnia) may have resulted in stronger interactions and grazing pressure within plankton, which uncoupled CO 2 emissions from microbial biomass structure, in contrast to reservoirs (Table 5) . Previous study has shown, for a stream food web for instance, that the strength of topdown control increases with temperature (Kishi et al., 2005) . Whether the observed differences in Daphnia size were related or not to fish composition will not change our findings showing differences between lakes and reservoirs in food web structure and in linkages between CO 2 emission and microbial biomass structure (Table 5) .
With higher temperatures in lakes, we expected higher BP than in reservoirs, as BP is known to increase with temperature (White et al., 1991; this study) ; but no such among-system type difference was found. The BP/temperature ratio was even lower in lakes (Table 3 ). It is known that the interplay between substrate and temperature is a key regulator of bacterial growth and metabolism (Pomeroy & Wiebe, 2001 ), which in turn affects CO 2 emission (e.g. Del Giorgio et al., 1999) . Substrate quality may reduce the positive effect of temperature on BP (Pomeroy & Wiebe, 2001 ). Our results indicated that DOM was of poor quality in lakes, compared to reservoirs, which could explain the lower BP/temperature ratio in lakes (Table 3) . Supporting this view, the ratio A 250 /A 365 was positively related to DOC amounts in reservoirs but not in lakes (Fig. 2d) , indicating that proportionally, reservoirs had more small labile molecules as DOC amounts increased. It is known that the ratio A 250 /A 365 increases with the proportion of small-sized molecules in humic water DOM (De Haan, 1972; Peuravuori & Pihlaja, 1997) . This observation together with the fact that N, P, and O 2 concentrations tended to be higher in reservoirs (although the differences were not significant, Table 3 ) supported to the idea that their WRT was likely shorter than those of lakes. Shorter WRT in reservoirs allows regular inputs of nutrients and labile DOM in the system. In line with our results, previous studies have shown that BP decreases with the ratio A 250 /A 365 or with DOM reactivity (Amon & Benner, 1996; Berggren et al., 2007; Tadonléké, 2007) . Small labile molecules, more abundant in our reservoirs, are known to be easily metabolized by bacteria (Wetzel et al., 1995) . These findings helped explain why DOM quality was among explanatory variables for CO 2 emissions only in reservoirs, as well as the higher emissions in the latter although their waters were less warm.
Zooplankton d
13
C signatures were negatively related to CO 2 emission in reservoirs but not in lakes (Fig. 3b) , suggesting among-system type differences in carbon cycling, and consistent with the above-mentioned differences in water temperature, interactions within plankton, and DOM quality. Previous study in four lakes (two being nutrient-enriched to increase productivity) has also found CO 2 emissions to decrease with increasing zooplankton d 13 C signatures (Schindler et al., 1997) . Differences in zooplankton d 13 C signatures between lakes and reservoirs in our study were also correlated positively with differences in CO 2 emission values between them (data not shown), supporting the importance of biological processes in creating among-ecosystem type difference in CO 2 emissions.
The proportion of the variance of CO 2 emission explained was lower in lakes (43%) than in reservoirs (65%). It might be that in lakes, stronger interactions within plankton have lowered this proportion and/or that variables not considered here played a role that we did not capture. Our lakes were smaller and tended to be shallower than our reservoirs. Because small ecosystems may be warmer, one may expect that CO 2 emission be higher in these ecosystems. On the other hand, one may also expect that deep ecosystems have higher CO 2 emission than shallow ones, partly because of higher integrated water column respiration values. These scenarios may help explain some differences between our lakes and reservoirs in average emission, and perhaps in variation among stations. However, the lack of significant relationship between CO 2 emission and depth in our study and the fact that BP was controlled mainly by the same factors (temperature and % HNA) in both reservoirs and lakes although the latter seemed to be shallower (Tables 1, 4 and 5), suggest that the station depth played a minor role in creating between-ecosystem type differences in variation among stations. In fact, no size-scaling of BP or Chl was found in this study, and CO 2 emissions rather increased with ecosystem size (Table 1) , which contrasts with data from previous studies reporting negative relationships between lake size and, e.g. lake metabolism, CO 2 fluxes, or Chl concentration (Sand-Jensen & Staehr, 2007; Marchand et al., 2009) . These inconsistent results indicate that the mechanisms underlying ecosystem size influence on CO 2 emissions are complex and remain to be elucidated.
Methods aiming to measure CO 2 flux are still under debate (see Soumis et al., 2008; Finlay et al., 2009) . The FC method used here has been used by several other authors (e.g. Guérin et al., 2007; Soumis et al., 2008; Finlay et al., 2009; Marchand et al., 2009) . It is difficult to evaluate the effect of this method on results of our comparison of lakes and reservoirs. However, it is unlikely that it was responsible for the among-system type differences found here, because FCs were used in all cases, and measurements were taken when the weather was calm.
Contrary to our results, Bergström et al. (2004) found no difference between reservoirs and lakes in Sweden, when they studied factors driving pCO 2 . Their study dealt, however, with summer sampling only and reservoirs that are originally natural lakes (not damned rivers as in our study). Moreover, they did not consider DOM quality or mention among-system differences in water temperature. Another study dealing with one lake and one reservoir in Sweden found that pCO 2 was driven by water column DOC in the lake and by benthic respiration in the reservoir, because the latter was shallow (Å berg et al., 2004) .
Hypothesis 2 that CO 2 emission decreases as PhB/MhB increases was supported only in reservoirs (Table 4) , probably due to the above-mentioned among-system type differences in temperature, DOM quality, biotic interactions, and carbon cycling. This result likely reflected difference between lakes and reservoirs in the influence of the balance between autotrophic and heterotrophic processes (Del Giorgio et al., 1999) . The highest emissions in reservoirs were found when MhB exceeded PhB and A 250 /A 365 was highest, i.e. in SM3 (Fig. 1a,b,d , Table 5 ), indicating that dominance of microheterotrophs over autotrophs combined with high-quality DOM is a suitable condition for high CO 2 emissions. This confirms that newly flooded reservoirs tend to have more microheterotrophs relative to microautotrophs, which helps explain their higher CO 2 emissions. Although other studies have reported negative relationships between CO 2 emissions and biological processes (respiration and/or phytoplankton production), they dealt with lakes over a large range of productivity (Schindler et al., 1997; Del Giorgio et al., 1999) . Crosssystem studies on large trophic gradient often miss mechanisms that may be operating in individual lakes or over a narrow range of productivity, and significant relationships that occur across a large trophic gradient often disappear in a narrow trophic gradient (see Tadonléké et al., 2004 and references therein). Here, we showed that microbial biomass structure can help improve our understanding of variation and differences in CO 2 emissions among sites in aquatic ecosystems, especially those that are oligotrophic. Together, our results suggest that in humic lentic freshwaters, the short-term variation in CO 2 flux is the outcome of the interplay between several factors, including water temperature, DOM quality, and interaction strength within plankton.
There is a growing awareness of the importance of lakes and reservoirs in the global carbon balance (St-Louis et al., 2000; Tranvik et al., 2009) . Variation in CO 2 emission among stations and seasons, as observed here, should be taken into account in the assessment of this importance. Attempts have recently been made to develop global scale models that describe factors/processes relevant to CO 2 emission from lakes, but without inclusion of data from reservoirs (Sobek et al., 2005) . By showing that the relative importance of factors driving CO 2 emission differed in lakes vs. reservoirs, our data indicate that we will likely need to develop such models for, or including these man-made ecosystems.
In summary, this study showed that factors other than lake metabolism, such as temperature and DOM quality, are also very important in explaining across-station variation in CO 2 emissions in lentic boreal ecosystems. Our results showed, for the first time, that differences in water temperature (often observed) or in DOM quality (often evoked) between lakes and reservoirs translate into differences in interactions within plankton communities, and ultimately in the relative importance of factors driving CO 2 emissions. These data showed that analyses of microbial communities can improve our understanding of the variation and the difference in CO 2 emissions among stations in aquatic systems.
